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Abstract Freshwater estuaries may be important
control points but have received limited research
attention, emblematic of a general under-appreciation
of these ecosystems and the services they provide.
These ecotone environments exist at the interface of
rivers flowing into large lakes, where seiches cause
mixing of lotic and lentic waters within flooded river
deltas. We assessed the dissolved inorganic nitrogen
(DIN) retention and processing controls in the Saint
Louis River Estuary (SLRE), which receives inputs
from rivers, urban sources, and Lake Superior. Nitrate
(NO3–N) was the dominant form of DIN and was
consistently highest in the lower estuary due to seiche-
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delivered Lake Superior water and nitrification of
ammonium from urban sources. The estuary transitioned from a net NO3–N source during high flows to a
net sink during summer baseflow conditions. NO3–N
availability controlled site-specific denitrification rates
while sediment organic matter explained the spatial
pattern in denitrification potential. As the estuary
shifted from a riverine state to one with more lake
influence, seiches delivered Lake Superior NO3–N to
the lower portion of the estuary, alleviating the final
denitrification control and activating the estuary’s
‘denitrification pump’. This amplified removal condition is maintained by critically delivered NO3–N
during periods of warm temperatures and long residence times. Often these controls are unsynchronized
in streams where NO3–N is typically lowest during
summer baseflow. Similar ephemeral biogeochemical
processes are likely found within other seiche-prone
lakes where organic-rich sediments accumulate at river
mouths and are supplied with chemically distinct lake
water during low flow periods.
Keywords Saint Louis River Estuary  Lake
Superior  Nitrate  Denitrification  Nitrification

Introduction
Present Address:
R. W. Sterner
Large Lakes Observatory, University of Minnesota-Duluth,
2205 E 5th St., Duluth, MN 55812, USA

Humans have greatly increased the global circulation
of dissolved inorganic nitrogen (DIN) (Galloway et al.
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2004; Howarth et al. 2012), resulting in diverse
environmental consequences that include species loss,
climate modification, and coastal and freshwater
eutrophication (reviewed by Erisman et al. 2013).
Although phosphorus (P) is often identified as the
main nutrient limiting primary production in lakes
(Carpenter 2008; Schindler et al. 2008), nitrogen (N) is
limiting or co-limiting in many freshwater ecosystems
(Elser et al. 2007; Lewis et al. 2011), and management
for P alone may lead to elevated DIN through
decreased rates of microbial denitrification (Finlay
et al. 2013). Thus, understanding the controls on DIN
processing and identifying aquatic ecosystems with
high removal capacity are crucial for mitigating
human-driven increases in DIN circulation.
Estuaries are important control points between
continents and coastal ocean zones that can remove
substantial fractions of the total incoming N (e.g.,
Nixon et al. 1996; Smyth et al. 2013). Estuarine
ecosystems support numerous N transformation pathways (e.g., nitrification, uptake, fixation), resulting in
divergence between inputs and exports. While several
transformation pathways ultimately consume DIN,
removal is mainly attributed to sediment denitrification because it produces nitrogen gas (N2) that most
organisms cannot use. In general, greater areal denitrification rates occur in aquatic ecosystems with high
nitrate (NO3–N) and organic matter supply and long
water residence times (Seitzinger et al. 2006); all of
which often occur in estuarine environments. Estuaries can remove large amounts of incoming NO3–N via
denitrification (Smyth et al. 2013), especially if they
receive inputs from wastewater treatment plants
(Bonaglia et al. 2014) or other anthropogenic sources
(Fulweiler and Heiss 2014); thus potentially reducing
coastal eutrophication risk (Garnier et al. 2006).
Estuaries are in a unique position to modify DIN
exports from upstream lotic systems and under the
right hydrologic conditions DIN from downstream
water bodies (e.g., Wankel et al. 2009).
Biogeochemical research on freshwater estuaries
lags behind their marine analogs. Freshwater estuaries
exist at the intersection of rivers and large lakes and
are numerous along the margins of the Laurentian
Great Lakes (Larson et al. 2012; Sierszen et al. 2012).
Compared to many other large lakes (e.g., Baikal,
African rift lakes), the Great Lakes basin has low
topographic relief, permitting the expanse of estuarine
environments. Most research on freshwater estuaries
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has therefore focused on the Great Lakes, although
estuarine conditions are likely to occur in more lakes
globally (e.g., see Einarsson and Lowe 1968; Gardner
et al. 2006; Kabeya et al. 2008).
In large lakes, internal seiches cause periodic water
level fluctuations (Mortimer and Fee 1976) that can
drive lake water upstream (Morrice et al. 2011). The
mixing of river and lake waters outside of the lake
basin proper creates the distinctive freshwater estuarine environment. Even though water level fluctuations
in freshwater estuaries are typically an order of
magnitude less than in marine systems (Trebitz
2006), seiches act similarly to ocean tides in delivering
chemically and physically distinct lake water to
upstream habitats and influencing the exchange of
carbon (Bouchard 2007) and N (Morrice et al. 2004)
between lotic and lentic environments. Thus, similar
to their marine counterparts, processes such as DIN
retention may be amplified in these mixing zones. On
the other hand, the smaller magnitude of water
exchange may reduce the influence of freshwater
estuaries on nutrient inputs. The relatively few studies
assessing nutrient removal in freshwater estuaries
suggest these systems can reduce DIN outflowing into
downstream lakes (Tomazek et al. 1997; Morrice et al.
2004; McCarthy et al. 2007); however, questions
remain regarding the timing, magnitude, and biogeochemical processes responsible (Sierszen et al. 2012).
This study was motivated by the general questionDo freshwater estuaries retain DIN, similar to many
marine estuaries? To this end, we examined the
potential of the Saint Louis River Estuary (SLRE) to
modulate DIN inputs into Lake Superior, where NO3–
N concentrations have been increasing over the past
century (Sterner et al. 2007). We investigated: (1) the
spatial and temporal patterns of DIN in the SLRE and
its role as a source, sink, or transporter of DIN, (2) the
spatial patterns of nitrification and denitrification in
the SLRE, and (3) the environmental factors regulating denitrification in this system.

Methods
Site description
The Saint Louis River Estuary (SLRE) is located at the
western tip of Lake Superior (46.74°N, 92.13°W)
(Fig. 1). The estuary was formed as post-glaciation
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isostatic rebound caused Lake Superior water levels to
rise, flooding the final 35 km of the Saint Louis River
(Herdendorf 1990). The Saint Louis River drains
9868 km2 of northern Minnesota and Wisconsin and is
the second largest tributary to Lake Superior. River
flows are characteristically brown in color due to
allochthonous inputs of organic carbon from the
forest- and wetland-dominated watershed (Stephens
and Minor 2010) and starkly contrast the clear waters
of Lake Superior. The water level of the entire estuary
fluctuates with Lake Superior as lake seiches propagate throughout the *50 km2 SLRE (Loken 2014).
Lake Superior has multiple seiche modes, but the 7.9 h
seiche has the greatest relative amplitude that can raise
water levels 5–30 cm (Mortimer and Fee 1976;
Sorensen et al. 2004). Two outlets connect the SLRE
to Lake Superior (Fig. 1), which allow water to
circulate, thus increasing the opportunity for lake
mixing compared to estuaries connected by a single
channel. Nearshore Lake Superior currents typically
flow counterclockwise (Beletsky et al. 1999) making
the northeastern entry (Duluth entry) more prone to

lake infiltration, and the southwestern entry (Superior
entry) the main estuary outlet.
The majority of the SLRE is encircled by the
cities of Duluth, MN and Superior, WI and has
endured extensive anthropogenic impact. Roughly
60 % of the historic estuary has either been dredged
or filled (Saint Louis River Alliance 2013) with more
alteration occurring in the lower half of the estuary
where much of the shoreline is hardened and a
dredge channel is maintained to support commercial
shipping activity. Additionally, the lower estuary
receives inputs from impervious surface drainages
and treated wastewater from regional municipalities.
In contrast, the upper estuary retains a scenic river
character with frequent backwater wetlands and is
partially managed by environmental organizations.
The shoreline supports dense macrophyte communities due to the consistent water levels and shallow
bathymetry. The transition between the developed
lower estuary and natural upper estuary is quite
striking and occurs *10 km from the Duluth entry
into Lake Superior (Fig. 1).

Fig. 1 Saint Louis River Estuary sampling stations. Numbered
stations were sampled for spatiotemporal water chemistry and
sediments. Stars indicate sampling stations used for end member
mixing model. ‘Water chemistry only’ stations were sampled
twice during each year to assess the mixing model; ‘sediment
only’ stations were sampled once for organic matter content and

denitrification analysis. Station 1 is the most upstream station.
Dashed line between stations 5 and 6 indicates the boundary
between lower and upper estuary for comparative analyses and
the approximate extent of Lake Superior infiltration detected
during 2 year study
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Hydrology
Using discharge data from the USGS stream gauge
(USGS site 04024000), we approximated the mean
water residence time (WRT) of water traveling
through the SLRE. The Scanlon gauge is 28 km
upstream from Saint Louis River entry into the SLRE
and not affected by seiches. Estuary volume was
calculated assuming a mean estuary depth of 2 m
(56 % of the estuary is \2 m depth; Bellinger et al.
2014) and a total area of 50 km2. We estimated WRT
by dividing the approximate volume of the SLRE by
Saint Louis River discharge, assuming no additional
inputs to the system. Although other rivers flow into
the SLRE, we omit them from our hydrologic
estimates because of their limited influence on the
estuary’s water budget. The Saint Louis River drains
85 % of the estuary catchment; other sources include
the Nemadji River (11 %) and several small tributaries
(\4 %) (http://nhd.usgs.gov). Discharge from the
Nemadji River enters the SLRE directly across from
the southeastern channel to Lake Superior (Fig. 1) and
predominantly flows unimpededly into the lake. While
our estimates of WRT may be prone to error because
of additional water inputs, they nonetheless provide a
useful relative comparison of hydrologic conditions
during baseflow and high flow periods.
For a more detailed assessment of water movements within the estuary, we estimated the amount of
water derived from river, lake, and urban sources for
23 sites during high and baseflow conditions. During 4
of our sampling surveys (two each year), water
chemistry was determined at our core sampling
stations (described below), an additional 15 in-estuary
stations, and 3 end member sites (Table 1; water
chemistry methods described in following sub-section). End member stations included the Saint Louis
River (river), Lake Superior (lake), and near (within
100 m) the effluent discharge site of the Western Lake
Superior Sanitary District (WLSSD) wastewater treatment plant (urban) (Fig. 1). Nearshore lake water was
collected off the northeast side of the Duluth entry
channel jetty to avoid sampling estuary discharge as
lake currents typically flow from the north. End
member sources had distinct chemical compositions,
which we used to generate mixing models that
estimated the relative contribution of river, lake, and
urban water to each estuary station. For each spatially
intensive sampling event (four total), we fit two
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mixing models using the concentrations of two
conservative solutes to solve for the proportion of
river (RWi), lake (LWi), and urban (UWi) water at each
station i according to Eqs. 1–3:
RWi þ LWi þ UWi ¼ 1

ð1Þ

½Ai  ¼ ½AR RWi þ ½AL LWi þ ½AU UWi

ð2Þ

½Bi  ¼ ½BR RWi þ ½BL LWi þ ½BU UWi

ð3Þ

where AR, AL, AU, and Ai are the measured concentrations of solute A for river, lake, urban, and station
i respectively; and BR, BL, BU, and Bi are the measured
concentrations of solute B for river, lake, urban, and
station i respectively. For each model, we used
different combinations of conservative solutes to
assign a contribution from river, lake and urban
sources to each estuary station. In total, we estimated
the contribution of the three end members to 23 inestuary stations on four dates.
For each sampling event, the mixing model was
first fit using magnesium (Mg) and sodium (Na); the
second was fit separately using dissolved organic
carbon (DOC) and Na. The source water partitions of
the two model outputs were averaged and the total
contribution of the three sources was forced to sum to
100 %. We used Na to assess the contribution of urban
inputs, as it is often elevated in urban influenced
aquatic ecosystems (Verbanck et al. 1989; Fitzpatrick
et al. 2007). Both DOC and Mg varied greatly between
the Saint Louis River and Lake Superior sources (see
Results) and were used to partition water between
river and lake inputs. Mg is expected to behave
conservatively (Hill 1993) and has been previously
used to assess river–lake mixing in the SLRE (Hoffman et al. 2010). While DOC is a less conventional
conservative solute, it has been used in another Lake
Superior freshwater estuary (Trebitz et al. 2002).
Additionally, we observed a low breakdown rate
(1.3 lg C day-1) (Loken 2014) and minimal water
column primary production (0.1–0.9 mg O2
L-1 day-1) (Small, unpublished data) and felt confident using DOC as an indicator of river–lake mixing
within the water residence time of the SLRE. Further,
rather than using a single solute (i.e., Mg or DOC), we
combined these model outputs to generate a more
robust prediction in the event of non-conservative
mixing of a single solute and to buffer each solute’s
influence on partitioning sources.
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Table 1 SLRE sampling stations and frequencies
Sample type & location

No. sites

Sample date
or no. dates*

End member

Mixing model
prediction

Water chemistry
Stations 2–9 (core)

8

13*

Station 1 (river)

1

13*

x

WLSSD (urban)

1

4*

x

Lake Superior (lake)

1

6*

x

15

4*

Stations 2–9 (core)

8

8*

Station 1 (river)

1

3*

Spatially intensive sites

x

x

Sediments and denitrification

Lower estuary additional

17

19 Jun 2012

Upper estuary additional

6

24 Jun 2013

Isotope analysis

23

30 Jul 2012

Nitrification

12

30 Jul 2013

Water chemistries at end member sites were used in mixing model to generate water budgets for in-estuary stations. Italics denotes
alternative sample name
*Number of (No.) sample dates indicated

Water chemistry
We collected water samples from 9 estuary stations to
represent a gradient from river to lake on 13 dates
between April 2012 and September 2013 (i.e., core
stations; Fig. 1). Stations 1–5 represented upper estuary
sites, while stations 6–9 were lower. Stations were
situated near the thalweg, but were shifted laterally to
avoid traffic within the shipping channel. Sampling
occurred approximately monthly during the open water
season when sites were accessed by boat, and once during
winter ice cover when a subset of sites were visited on
foot. To confirm that the water column was not stratified,
we obtained a vertical profile of temperature, conductivity, and dissolved oxygen using a YSI 6600 or EXO2
multi-parameter sonde (Yellow Spring, OH).
Surface water from each station was collected into
an HDPE carboy and processed in the lab within 10 h
of collection. We processed samples in the lab (instead
of on the boat) to expedite sample collection so that all
stations could be visited within a single day (or within
2 days for spatial intensive surveys—see above).
Integrated water samples were taken from 0 to 2 m
using a peristaltic pump or an integrated water sampler
and stored in a cooler to maintain ambient temperature. Samples for dissolved solute analysis were
filtered through a 0.45 lm GeotechÒ capsule filter.

Cation samples were filtered into acid-washed
HDPE bottles, acidified to 1 % with ultrapure
hydrochloric acid (HCl), and stored at room temperature until analysis. Cations were analyzed simultaneously on a Perkin-Elmer model 4300 DV ICP
spectrometer at the North Temperate Lakes Long-term
Ecological Research (NTL-LTER; http://lter.
limnology.wisc.edu) facility. A single DIN sample
from each station was filtered into new 20 mL plastic
scintillation vials and frozen, then analyzed within
4 months. Nitrate plus nitrite nitrogen (referred to as
NO3–N) and ammonium plus ammonia nitrogen (referred to as NH4–N) were analyzed in parallel by
automated colorimetric spectrophotometry, using an
Astoria-Pacific Astoria II segmented flow autoanalyzer (http://lter.limnology.wisc.edu). Duplicate DOC
samples were filtered into acid-washed 24 mL glass
vials, acidified to 0.1 % HCL, capped with septa
leaving no headspace, and stored at 4 °C. Within
3 weeks, DOC was analyzed on a Shimadzu TOC
analyzer and reported as means. Samples for natural
abundance dual isotopic analysis of d18O–NO3 and
d15N–NO3 were filtered into acid-washed HDPE bottles and frozen. Isotope samples were analyzed using
the denitrifier method at the Colorado Plateau
Stable Isotope Analytical Laboratory at Northern
Arizona University (http://www.isotope.nau.edu).
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Isotopes of d18O–NO3 and d15N–NO3 were reported as
the per mil (%) deviation from VSMOW and air
standards, respectively. Natural abundance isotopic
composition was only assessed on samples collected
on 30 July 2012.
Reactive N dynamics
The capacity of the estuary to modify DIN was
considered at the whole-system scale and by investigating rates and controls of specific N transformations
(nitrification and denitrification). First, the potential for
whole-system retention or generation of DIN was
assessed using the end member mixing model described
earlier. Predicted concentrations of calcium (Ca),
potassium (K), NO3–N, and NH4–N were generated
for each station using Eq. 2 and the predicted end
member contributions (see above). Ca and K, which
generally behave conservatively (Hill 1993; Fitzpatrick
et al. 2007) and were distinct among river, lake, and
urban sources (see Loken 2014), were used to test
mixing model performance based on root mean squared
error (RMSE). Deviations between model-based predictions and observations were used to infer the
estuary’s net effect (production or consumption) for
non-conservative solutes, namely NH4–N and NO3–N.
The mixing model predicted DIN at each station based
on conservative mixing of sources; predictions greater
than observed values indicated net consumption of that
solute. Conversely, predictions less than observations
implied net production. The predicted estuary net effect
on dissolved solutes incorporated both transformations
within the water column and solutes exchanged with the
sediments. Similarly, measured d15N–NO3 was compared to predicted values to identify NO3–N transformations along the estuary’s longitudinal axis. Because
isotopic fractions do not mix conservatively (e.g.,
Middelburg and Nieuwenhuize 2001), we weighted
the d15N–NO3 contribution of each end member by its
NO3–N concentration to predict the isotopic composition for each station. While isotope analysis was only
done for 2012 baseflow samples, DIN solutes were
modeled for a high- and low-flow date in both years to
identify changes in the estuary’s DIN retention capacity
under contrasting WRT conditions.
Water column nitrification rates were determined
on 30 July 2013 for a subset of the water chemistry
sampling stations (n = 12) that represented the full
spatial extent and previously observed NH4–N range
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of the estuary. Water from each station was transferred
to 333 mL polycarbonate bottles within 10 h of
collection and spiked with 15NH4Cl to achieve a
concentration of 0.03 lmol 15NH4 L-1. Samples were
incubated at ambient temperature (20 °C) in a dark
cooler for 20 h. Pre- and post-incubation samples were
filtered through 0.45 lm filters and analyzed for NO3–
N, NH4–N and d15N–NO3. Nitrification rates were
determined based on changes in NO3–N, NH4–N, and
d15N–NO3 according to methods outlined in Small
et al. (2013). Analysis for each station was performed
in duplicate and reported as the mean.
Sediments were collected on 8 of the water
chemistry survey dates from stations 2–9 to determine
spatial and temporal patterns of denitrification and
sediment organic content. We also collected a single
sediment sample from additional lower (n = 17) and
upper (n = 6) stations on 19 June 2012 and 24 June
2013, respectively, to increase the spatial extent of our
survey. In total, 56 and 42 individual sediment
collections were made in 2012 and 2013, respectively.
Sediments were collected from the upper 5–20 cm of
the benthic zone using an Ekman dredge. At least
500 mL of benthic material was transferred to 1-L
widemouth Nalgene containers and used in denitrification rate experiments (see below). Fifteen mL of the
uppermost sediment layer was transferred into sterile
100 mL disposable plastic screw-top containers to be
analyzed for sediment organic content. Sediments
were stored in a cooler while on the boat and
transferred to 4 °C within 6 h. Sediment organic
matter was determined as percent loss-on-ignition
(LOI), i.e., mass loss of 2.0 ± 0.2 g dried homogenized sediment after combustion (Meyers and Teranes
2001). LOI sediments were dried at 60 °C for at least
48 h, homogenized, and combusted at 550 °C for 4 h.
We determined actual (DeN) and potential (DEA)
sediment denitrification rates in the laboratory using
the acetylene block technique modified from Groffman et al. (1999). Acetylene diminishes the microbial
efficiency of the final denitrification step (conversion
of nitrous oxide (N2O) to N2), and the production of
N2O is used as an indicator of denitrification.
Acetylene also inhibits nitrification, making our
estimates under represent in situ denitrification as
they do not account for activity coupled to nitrification
(Seitzinger et al. 1993). Although this method has
some limitations, it provides a cost-effective approach
for comparing among multiple sites and identifying
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controls. Additionally, the acetylene block method
dominates the denitrification literature, allowing us to
compare SLRE rates to other published results
(Groffman et al. 2006).
We determined DeN and DEA rates in parallel
within 48 h of collection. We incubated 40 ± 2 g of
wet sediment saturated with 40 ± 0.1 mL of estuary
water in 125 mL glass WheatonÒ bottles at 20 °C.
DEA incubations were spiked with glucose and NO3N to a final concentration of 40 mg C L-1 and
100 mg N L-1, respectively; DeN incubations were
given no amendments. All incubations were augmented with 10 mg L-1 chloramphenicol to inhibit
microbial proliferation (Smith and Tiedje 1979).
Samples were capped with rubber septa, flushed with
helium (He) for 5 min to remove oxygen (O2), and
injected with 10 mL acetylene. We allowed the
acetylene 30 min to fully diffuse into the sediment
slurry before taking the initial headspace sample (t0).
Samples were placed on a shaker table in the dark for
2.6 h then sampled the final headspace (t1).
The change in headspace N2O partial pressures
(pN2Ofinal - pN2Oinitial) was used to determine the
denitrification rate using the Bunsen correction and the
ideal gas law according to Eq. 4:
Denitrification




pN2 Ofinal  pN2 Oinitial  n  Vg þ ðVl  aÞ
¼
dw  t  R  T
ð4Þ

where n = 2 (mol N reduced per mol N2O produced),
Vg is the volume of headspace, Vl is the total
liquid volume (media ? soil wet volume), a is the
temperature-dependent Bunsen coefficient (0.554), dw
is the sediment dry weight, t is the incubation time, R is
the ideal gas constant and T is the temperature of the
reaction. For both t0 and t1 samples, 10 mL of
headspace was withdrawn from incubation bottles and
injected into a He-flushed 12 mL gas-tight glass vials
(ExetainersÒ) sealed with rubber septa. We determined
pN2O and pO2 in parallel on a gas chromatograph
equipped with an electron capture detector (ECD) and
thermal conductivity detector (TCD) using methods
outlined in Spokas et al. (2005). Gas samples with O2
concentrations greater than 5 % were removed from
analysis due to potential gas leakage. Denitrification
rates were standardized to sediment dry mass. Samples
collected on or before 6 June 2013 were incubated in
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triplicate; samples collected after were incubated in
duplicate. To assess the spatial and temporal patterns of
DeN and DEA, we used a two-way ANOVA with
station and date as factors. We assessed relationships
between denitrification and ambient water column
NO3–N and sediment LOI using linear regressions
after log transforming DeN, DEA, and LOI to meet
normality assumptions.
Denitrification controls were further investigated
by amending sediments with combinations of NO3–N
and two types of organic carbon: glucose and natural
organic matter (NOM; supplied by the International
Humic Substance Society). On two dates in 2013, we
incubated sediments from five of our core stations that
spanned a gradient of sediment organic content with
the following amendments: NO3–N only, NO3–N and
glucose (DEA), NO3–N and NOM, glucose only,
NOM only, and no amendments (DeN). The two
carbon treatments were intended to test for possible
effects of carbon quality, with NOM representing a
recalcitrant, humic-rich carbon source similar to
allochthonous materials in the SLRE to contrast the
labile glucose treatment. Both carbon sources were
amended to 40 mg C L-1, and NO3–N was amended to
100 mg N L-1. Sediments were incubated in parallel
(see above). To assess the effects of amendments and
sediment organic content (and any interaction) on
denitrification, we generated a multiple linear regression model that included carbon (3 levels) and NO3–N
(2 levels) as categorical variables along with LOI
(continuous) and all interaction terms.

Results
Hydrology and conservative solutes
Flow in the Saint Louis River had a seasonal pattern
characterized by high discharge in April and May
associated with spring snow melt (Fig. 2a) that
declined to baseflow by mid-July and persisted
through October. In both years, precipitation in June
caused large floods, with the 2012 event being the
maximum discharge on record for the 104 years of
flow monitoring at the Scanlon station (Czuba et al.
2012). During high flow conditions, WRT estimates
indicated that the estuary turned over approximately
every 1–5 days. During summer baseflow, estimated
WRT was between 40 and 80 days (Fig. 2a).
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Fig. 3 Partitions of end member sources to in-estuary stations
during high (a) and baseflow (b) conditions. Water partitions
were calculated from end member models and averaged over
both high flow and baseflow sampling dates. Station 9 is located
closest to Lake Superior; station 8 is near the wastewater
treatment plant

Fig. 2 Saint Louis River hydrology and SLRE water chemistry.
Saint Louis River (USGS gauge 04024000) discharge (black)
and estimated mean water residence time (WRT; orange) (a).
Estuary concentrations of dissolved inorganic nitrogen (b, e) and
conservative solutes (c, d, f). Upper estuary stations (1–5) are
grey, hollow symbols; lower stations (6–9) are colored and filled.
Station 1 reflects Saint Louis River conditions and the blue
horizontal dashed line indicates mean Lake Superior concentration (n = 6). Mean Lake Superior NH4–N concentration was
26 lg L-1 (not plotted for clarity). Ice covered the estuary from
Nov 2012 until May 2013. One sampling event (28 Feb 2013)
occurred during ice cover and only 5 stations were sampled.
Black arrows indicate dates of mixing model analysis under high
flow (HF) and baseflow (BF) conditions. (Color figure online)

End member mixing modeling results highlighted
differences in water sources among stations and
between high and low flow sample dates (Fig. 3).
Mixing models using Mg and DOC as tracers of river
water performed similarly. The mean standard error
between model assignments of end member contributions was 1.9 % (range 0.0–5.3 %). As expected, at all
stations the majority of estuary water was riverderived during high flow dates (1 May 2012 and 4 June
2013), and at upper estuary stations on all dates. Urban
and lake sources were more prominent during the
summer baseflow dates (30 July 2012 and 2013). The
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urban signal was particularly apparent at station 8,
while the lake contribution declined with distance
from Lake Superior.
Water chemistry was relatively uniform throughout
the estuary during periods of high flow (April–June;
Fig. 2), then began to diverge among sites, especially
in the lower estuary and during late summer of both
years. Although variable throughout the year, Mg and
DOC were generally greatest in the upper estuary and
always lower in the lake than in the estuary (Fig. 2). In
both years, the largest spatial gradient in estuary Mg
and DOC occurred in September, indicating more lake
water delivery after prolonged baseflow conditions
with stations closest to Lake Superior having the most
‘lake-like’ signal (Fig. 2). Na concentrations were also
consistently higher in the estuary than the lake, and
showed distinct patterns at station 8, which also had
the largest urban signal (Fig. 3). No vertical stratification was observed for any dates at any stations.
Reactive nitrogen dynamics
On most dates and sites, NO3–N was the dominant
form of DIN in the SLRE, accounting for 80 %
(SD = 23) of the DIN pool. Throughout the estuary,
NO3–N concentrations were elevated during winter
and spring snowmelt and after large rain events
(Fig. 2b). At these times, concentrations approached
and occasionally exceeded the nearshore Lake Superior average (299 lg N L-1, SD = 25, n = 6). No
spatial differences were apparent among upper stations, while lower sites had higher and more variable
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NO3–N during baseflow dates in both years. On the
last sampling date of each year, there was a spatial
gradient in NO3–N (similar to Mg and DOC), with
higher concentrations occurring closer to Lake Superior. NH4–N ranged between 0 and 736 lg N L-1,
with greatest concentrations routinely occurring at
station 8 on dates when Na was also high (Fig. 2).
Station 9 was also enriched in NH4–N compared to the
upper estuary, but was not as high as station 8. Lastly,
one three occasions, a single upper estuary site (station
3 or 4) had an elevated NH4–N concentration.
Predicted concentrations from the three-way mixing model were strongly correlated with observations
for Ca (r = 0.90) and K (r = 0.95) in the SLRE
(Fig. 4). Low RMSE for Ca (1.48) and K (0.15)
indicated reliable model performance and conservative solute behavior. In contrast, DIN did not behave
conservatively (Fig. 4) based on poor model fits for
both NO3–N (RMSE = 110.7) and NH4–N
(RMSE = 317.5). After accounting for the major
water sources to the estuary, our model implied that

Fig. 4 Mixing model predictions versus observed concentrations of calcium (a), potassium (b), nitrate (c), and ammonium
(d). Predicted concentrations generated from end member
mixing model for in-estuary stations during high flow conditions
(open symbols) and baseflow (filled symbols) in 2012 (triangles)
and 2013 (circles). Points falling near the 1:1 line behaved
conservatively while observations above or below indicated net
consumption or production, respectively. Outliers in ammonium
(d) plot were from stations surrounding the wastewater
treatment plant and proximate to station 4
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the SLRE was a net source of NO3–N during high flow
conditions (Fig. 4). During baseflow, some stations
remained net producers, but more changed roles and
became net consumers of NO3–N. During high flow,
conservative mixing alone underestimated NO3–N by
an average of 95 lg NO3–N L-1. Conversely, in late
July (i.e., baseflow), estuary-wide predictions were
9.5 lg NO3–N L-1 greater than observations, suggesting modest NO3–N consumption. During all
sampling events, there was no clear spatial pattern
for net generation or consumption of NO3–N. Predictions for NH4–N based on conservative mixing
generally supported net consumption but were highly
variable (Fig. 4d) due to occasionally high observations or predictions for stations near the wastewater
treatment plant and station 4.
Using dual isotopic analysis, we identified differences in NO3–N among river, lake and estuary water
collected on 30 July 2012. Lake Superior d18O–NO3
and d15N–NO3 values were consistent with previous
studies (Finlay et al. 2007). Compared to the lake, the
Saint Louis River was similar in d18O–NO3 (and
therefore not useful to assess mixing or fractionating)
and enriched in d15N–NO3 (Fig. 5a). Lake Superior
and Saint Louis River d15N–NO3 bracketed those from
estuary stations, with lower stations similar to Lake
Superior, though slightly less enriched. Observed
d15N–NO3 was consistently lower than predictions
from the mixing model, suggesting an influence of
nitrification within the SLRE (Fig. 5b).
Water column nitrification rates in July 2013 were
variable but higher in the lower estuary than at upper
sites, consistent with the NO3–N isotope results from
the previous year. Rates ranged from 0.10 to
0.46 lg N L-1 day-1 in the upper estuary and from
0.89 to 8.88 lg N L-1 day-1 in the lower (Fig. 5c).
The highest rates occurred below station 7 (*7 km
from Lake Superior) in the more urbanized portion of
the estuary where DIN was often high (Fig. 2). The
nitrification rate for nearshore Lake Superior was
0.07 lg N L-1 day-1 and was within ranges reported
for offshore surface waters (Small et al. 2013).
Denitrification and sediment composition varied
spatially but not temporally. Sediment DeN rates
averaged 1.2 (SD = 1.2) and 2.4 (SD = 7.9)
lg N g-1 day-1 in 2012 and 2013, respectively. No
difference in DeN occurred among stations, but
differences existed among dates in 2013 (Fig. 6;
F = 12.23, df = 3, P \ 0.001); however, no clear
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disappear as both were highly variable across the
entire estuary (Fig. 7).
Relationships with potential drivers differed for
DeN and DEA. Ambient NO3–N concentrations were
weakly correlated with DeN (t = 1.89, df = 67,
P = 0.06, R2 = 0.05) but not with DEA (t = -1.33,
df = 72, P = 0.19) (Fig. 8a). In contrast, sediment
composition was strongly positively correlated with
DEA (t = 17.6, df = 95, P \ 0.001, R2 = 0.76) but
not DeN (t = 1.15, df = 73, P = 0.25) (Fig. 8b).
Finally, amendment experiments revealed a positive
response to addition of NO3–N (F = 398.4, df = 1,
P \ 0.001) but not organic carbon (Fig. 9). This lack
of response to carbon held for both labile (glucose) and
recalcitrant (NOM) treatments (F = 1.69, df = 2,
P = 0.20). The regression model also indicated a
positive synergistic effect between NO3–N and LOI
(Fig. 9; F = 313.9, df = 1, P \ 0.001), as sediments
with high LOI had the greatest response to added
NO3–N amendments. No other interactions were
significant (P [ 0.2).

Discussion

Fig. 5 Nitrate isotopic analysis and nitrification during baseflow. Observed nitrate isotopic composition from 30 July 2012
(a). Deviations between model-based predictions and observations of d15N–NO3 from 30 July 2012 (b). Water column
nitrification rates from 30 July 2013 (c). Distance to lake
calculated from station to closest entry point. Panels a and b
reference samples collected in 2012; panel c from 2013

seasonal trend emerged. DEA was always greater than
DeN, averaging 11.8 (SD = 9.8) and 11.5 (SD = 7.7)
lg N g-1 day-1 in 2012 and 2013, respectively. Rates
were more variable in 2012 than 2013 and were lower
on the final two sampling dates of 2012. Comparing
our core sampling stations, DEA was consistently
highest closer to Lake Superior (Fig. 6) and significantly different among stations in 2012 and 2013
(F = 3.45, df = 7, P = 0.01 and F = 14.75, df = 7,
P \ 0.001, respectively). Sediment LOI was also
greater at our lower estuary core stations and had
similar spatial patterns as DEA (Fig. 7). But when we
include our additional sediment samples (Table 1;
Fig. 1), the spatial differences for both LOI and DEA
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Both hydrologic and biotic processes regulated temporal and spatial patterns in DIN chemistry of the
SLRE. During the estuary’s river-like periods, NO3–N
removal capacity appeared to be minimal as water
moved quickly through the system, minimizing the
opportunities for processing. As discharge declined,
the mixing gradient between river and lake expanded,
allowing more water column NO3–N to be removed.
During this baseflow period, lake seiches pushed lake
water furthest up the estuary, providing NO3–N-rich
lake water to the lower estuary. Thus, there was an
alignment of optimal denitrification conditions (sufficient NO3–N, organic-rich sediments, warm temperatures, and long WRT) during summer baseflow within
the critical mixing zone of Lake Superior. Delivery of
NO3–N via seiches enhanced denitrification through
mechanisms not present in many river systems in
which periods of high removal capacity are not usually
synchronized with times of high NO3–N delivery.
Hydrology
The Saint Louis River regularly supplied the majority
of the water to the SLRE, although more urban and
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Fig. 6 Sediment
denitrification rates with no
amendments (DeN; a, b) and
with nitrate and glucose
amendments (DEA; c, d).
Note the change in y-axis
scale between DeN and
DEA. Station 1 is furthest
upstream, and station 9 is
most proximate to Lake
Superior. Denitrification
rates are reported as means
with error bars representing
standard deviation among
lab replicates. No sediments
were analyzed from station 1
in 2013

Fig. 7 Sediment loss-on-ignition (LOI; a) and potential denitrification (DEA; b) for core stations (grey) and all sites (white)
visited in 2 year study (see Table 1). Lower estuary includes all
stations within 10 km or Lake Superior

lake water was detected within the lower estuary reach
during baseflow conditions (Fig. 3). Beyond the
mixing model results, the spatial gradient in Mg (and
DOC) indicated that the contribution of Lake Superior
to the estuary’s water budget was greatest in September (Fig. 2c). At this time, the Mg signal diverged at
station 6, suggesting that lake water infiltrated
*10 km into the estuary. Likely, lake water intrusion
continually expands up the estuary until ice formation
or a sufficient precipitation event occurs.
Some constraints and assumptions of the mixing
model approach must be recognized that may explain
the small partitioning of lake water to upper stations
(Fig. 3). Although both Mg (Morrice et al. 2004;
Hoffman et al. 2010) and DOC (Trebitz et al. 2002)
have been used to separate lake and river contributions
to Lake Superior estuaries, both can develop minor

Fig. 8 Relationships between potential denitrification controls
and measured rates; a water column nitrate (NO3–N) and
b sediment loss-on-ignition (LOI) for all samples collected in
2012–2013. Note that denitrification and LOI are plotted on log
axis. DeN (open symbols) incubations were given overlying
estuary water with no amendments; DEA (closed symbols) were
amended with glucose and NO3–N. Linear regression model for
DeN and NO3–N (shown in dash) was weakly significant
(t = 1.89, df = 67, P = 0.063, r2 = 0.05) and model for DEA
and LOI (solid line) was highly significant (t = 17.6, df = 95,
P \ 0.001, r2 = 0.76). Models comparing DEA versus NO3–N
and DeN versus LOI were not significant (P [ 0.1)

spatial gradients without lake mixing. If river concentrations change rapidly, the river end member at the
date of sampling does not accurately represent the
river signal that has traveled through the estuary.
Concentrations along the estuary gradient reflect the
source water that entered the estuary at different times
(as well as mixing of different source waters). Because
river Mg concentrations generally increased during
the study, our estimates of lake mixing based on Mg
may be an overestimate. Similarly, DOC-based
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Fig. 9 Nitrate control of sediment denitrification rate. Sediment samples from a subset of core stations were incubated with
combinations of nitrate and two carbon types- glucose and
Suwannee River natural organic material (NOM) standard.
Denitrification rates are reported as means ± SDs among lab
replicates and ordered by loss-on-ignition (LOI). Nitrate, LOI,
and a nitrate:LOI interaction had significant effects (P \ 0.001),
while carbon (nor any carbon interactions) had an effect
(P [ 0.2)

predictions may be imprecise, as this pool may change
as a result of metabolism or photo-oxidation. However, another study in a freshwater estuary of Lake
Superior used DOC to assess river and lake mixing
(Trebitz et al. 2002), and we observed a low DOC
breakdown rate and minimal water column gross
primary production (Small, unpublished data). Additionally, Wollheim et al. (2015) suggest that terrestrially-derived DOC behaves somewhat conservatively
in river systems. Therefore, we suggest DOC may be
used as a conservative tracer in other systems with
similar hydrologic conditions, organic matter sources,
and metabolic processing. As with any conservative
tracer, DOC and Mg have their limitations; but both
provided a reasonable estimate of the estuary’s water
budget, and mixing model results were well-validated
with additional conservative solutes (Ca and K).
Urban sources contribute more water during baseflow. Our calculated water budget (Fig. 3) provides
meaningful relative comparisons among stations, but
each assigned contribution may overestimate urban
sources. We inferred the ‘urban’ signal by collecting
estuary water near the wastewater discharge location
(i.e., not directly from the treatment plant). Thus our
urban samples were diluted with estuary water, which
made our mixing model assign more urban water to
balance each station’s Na budget. Over the study
period, flows from the WLSSD water treatment
facility averaged 1.6 m3 s-1 and were relatively
constant during the year (typically between 1 and
2 m3 s-1; WLSSD, unpublished data). When river
flows were high, wastewater effluent contributed less
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than 1 % of the estuary’s water budget, in comparison
to extreme baseflow when it approached 20 % of river
discharge. As river flows declined in late summer, the
relative contribution of urban water increased, especially around station 8, where water often contained
extreme concentrations of Na and NH4–N (Fig. 2).
Due to large summer rains, our baseflow water
budget (Fig. 3) underrepresents the extent of the
estuary’s water chemistry spatial gradient. In both
years large June rains postponed the onset of baseflow
(Fig. 2a). Had our end member sampling surveys
occurred later in the season (i.e., September) or in
years with less spring precipitation, we would have
expected the relative proportion of both urban and lake
contributions to be larger. In September of both years,
the largest spatial gradient in estuary Mg and DOC
occurred (Fig. 2), indicating greater infiltration of lake
water into the SLRE. Likely, lake water penetration
into the SLRE is a function of the cumulative
discharge over a preceding interval of time (i.e.,
weeks–months). With prolonged baseflow conditions,
the relative contribution of river inputs will decrease,
as other sources (urban, lake, etc.) contribute a larger
fraction of the estuary’s water budget.
Water chemistry
Estuary DIN concentrations varied more than conservative solutes, suggesting active N cycling within the
SLRE. Highest NO3–N concentrations occurred during
spring melt and after large rain events, consistent with
flushing observed in other temperate watersheds (e.g.,
Ohte et al. 2004; Pellerin et al. 2012) and another SLRE
study (Johnston et al. 2001). During baseflow, NO3–N
diverged among stations (Fig. 2b), with higher concentrations observed in the lower estuary attributable to
delivery of lake-derived NO3–N to these sites. NH4–N
concentrations were often greatest at stations in the
lower estuary that also had elevated in Na (Fig. 2),
suggesting inputs from urban sources. Likely, some of
this urban-supplied NH4–N was delivered to the lake, as
the mean concentration at our nearshore Lake Superior
station was *10X greater than reported values from
offshore sites (Kumar et al. 2007). Water chemistry data
from the Western Lake Superior Sanitary District
(WLSSD) indicated that NH4–N was the dominant
form of DIN (98 %) in effluent discharged from their
treatment facility near station 8 during 2012–2013,
which had NH4–N concentrations *100X that of the
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estuary (mean = 3.92 mg N L-1, range = 0–9.62,
n = 27) (WLSSD, unpublished data). Additionally,
station 4 (and other nearby sampling stations) had
elevated NH4–N on some dates. Possible sources
include non-sampled point sources, sediments from
historic industries (i.e., U.S. Steel superfund site), or
nearby backwater wetlands, which have been shown to
supply NH4–N in other lotic wetland systems (Stanley
and Ward 1997). In most estuarine studies, sediments
release NH4–N to the water column, attributable to
mineralization of organic matter (Nixon 1981; Enoksson 1993; Foster and Fulweiler 2014). Upper estuary
sediments outside the main channel contain more
organic matter compared to the thalweg (Fig. 7a).
Perhaps these organic-rich sediments contribute a small
flux of NH4–N to surface waters, which can only be
detected in the main channel under certain hydrologic
conditions. However, NH4–N concentrations were
relatively low for the entire estuary indicating that
supplied NH4–N was rapidly mixed, assimilated, or
nitrified.
Results from our mixing model that assess the
estuary’s net effect on DIN (i.e., Fig. 4) should be
interpreted cautiously. During high flow, the model
indicated NO3–N production, which may be the result
of a non-sampled high NO3–N tributary or due to
changing concentrations in the river. Our model
assumes that the river end member is constant and
no other tributaries supply water, both of which are not
true. While the effect of changing concentrations in
the river can produce errors in both directions (i.e.,
production or consumption), the influence of tributaries will likely only increase production estimates as
non-sampled sources that contribute high volumes of
low concentration water are doubtful. Therefore
predictions of overall consumption are more robust
for baseflow than for high flow. While the model has
its limitations, it produced similar trends in subsequent
years, which suggest a seasonal transition in the
estuary’s overall effect on NO3–N.
Our mixing model identified changes in the estuary’s net effect on NO3–N, but interpreting changes in
NH4–N were problematic due to a few extreme
observations and predictions (Fig. 4). For the most
part, model predictions were greater than observations
indicating overall NH4–N consumption within the
estuary, likely due to nitrification or assimilatory
processes. But given the variability of wastewater
effluent, complex mixing dynamics, and the highly
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reactive nature of NH4–N (Mulholland et al. 2000;
Peterson et al. 2001), these results are somewhat
limited and not discussed further. Instead, we focus
our assessment on NO3–N, given its majority contribution to the DIN pool.
While end member inputs were dynamic and there
may have been additional sources that were not
included in our calculations, the mixing model
provides a reasonable assessment of the net-effect on
NO3–N within the context of this study. In general, we
found a transition in estuary-wide NO3–N dynamics,
characterized by NO3–N release during high flow
spring months and NO3–N retention in late summer
when WRT and contributions from non-river sources
were greatest. In addition to mixing model-based
inferences, water chemistry from September further
supports this transition as NO3–N concentrations were
much lower than expected based on mixing (Fig. 2b).
With declining discharge in late summer, more seichedelivered and recently produced NO3–N is likely
being removed as the estuary transitions to a more
‘lake-like’ system. Our observed seasonal pattern is
consistent with another, but significantly smaller Lake
Superior freshwater estuary in which maximum DIN
retention also occurred during summer baseflow
(Morrice et al. 2004). Notably, maximum retention
coincided with long WRT and warmer temperatures,
increasing the potential for biotic processes to act on
NO3–N (Seitzinger et al. 2006) and during a period
when inputs from the lake enriched lower estuary
NO3–N.
Nitrification
Multiple lines of evidence point to the role of
nitrification in shaping SLRE DIN dynamics. On the
day that water samples were collected for isotopic
analysis, upper estuary stations were comprised of
93–99 % river water (Fig. 3) and therefore should
have converged with the river d15N–NO3 in the
absence of any transformations. But all estuary
stations had lower d15N–NO3 than model-based
predictions (Fig. 5b), pointing to the influence of
biologically mediated NO3–N production (Barnes and
Raymond 2010) during baseflow. The greatest divergence in observed and model predictions occurred
between stations 6 and 8, where measured water
column nitrification rates were also highest (Fig. 5c),
and where NH4–N inputs from urban sources were
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often elevated (Fig. 2e). Given the well-oxygenated
water column (Bellinger et al. 2014; Loken 2014),
NH4–N appears to be rapidly nitrified, explaining why
NH4–N did not persist further downstream. Nitrification of urban NH4–N inputs would contribute to NO3–
N enrichment in the lower estuary. However, the
estuary acted as an overall NO3–N sink when we
performed our isotopic analysis (Fig. 4), indicating
that any enrichment effect was overridden by a nonfractionating NO3–N consumption process.
If nitrification were the dominant N transformation
in the estuary, we would expect to observe longitudinal increases in NO3–N beyond those attributable to
lake inputs. This pattern occurred during high flow
dates. While mixing model results demonstrated that
urban sources of water are less important during high
flow periods, mineralization of benthic organic matter
may provide an alternative source of NH4–N to the
water column. Fringing wetlands dominate much of
the upper estuary, which have been shown to release
NH4–N following flow increases in other systems
(Stanley and Ward 1997). If nitrification influence on
DIN dynamics persists during high flow, it may
contribute to the estuary-wide NO3–N source behavior. During low-flow periods, we observed high
nitrification rates and estuary-wide loss of NO3–N,
suggesting increased turnover of the NO3–N pool.
Thus the relative role of nitrification on the NO3–N
pool likely declines as the SLRE shifts to a net sink
when residence times and temperatures are high.
While our study focused on the sources and fate of
water column DIN, we must also consider sediment
processes that affect estuary-wide N dynamics. Mineralization of benthic organic matter produces NH4–
N, which can contribute to DIN enrichment directly by
diffusing into the water column or indirectly by
fueling sediment nitrification. In general, sediment
nitrification is the main source of NO3–N to oxic
portions of the sediments, where it can be coupled to
denitrification (Seitzinger et al. 2006). While coupled
nitrification/denitrification likely removes a large
portion of N from the SLRE, it should not alter water
column DIN concentrations, as organic N is transformed to N2 gas entirely within the benthos. In
another SLRE study, Bellinger et al. (2014) found a
negative correlation between sediment nitrification
and denitrification, indicating that the two processes
may be temporally or spatially decoupled. Thus under
some conditions, sediment nitrification could be a
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source of NO3–N to the water column. At other times,
the denitrification demand for NO3–N exceeds what is
produced in the sediments, resulting in a chemical
gradient that draws NO3–N downward and removes it
from the water column. Thus the estuary’s alternating
source/sink NO3–N behavior may reflect changes in
the net flux of DIN across the sediment water
interface. We encourage direct measures of benthic
N fluxes in future investigations, which might more
accurately assess the estuary’s overall DIN retention
capacity.
Sediment denitrification
SLRE sediments supported modest denitrification
activity that lacked distinct temporal pattern (Fig. 6),
falling within ranges reported for the estuary and one
of its tributaries (Johnston et al. 2001; Bellinger et al.
2014). The lack of a temporal pattern probably
resulted from methods used in our denitrification
assay. All sediments were incubated at a common
temperature, which is known to be a strong driver
(Piña-Ochoa and Álvarez-Cobelas 2006). Our methods also limit our ability to accurately assess in situ
denitrification activity as the acetylene block technique does not account for denitrification coupled to
sediment nitrification (Seitzinger et al. 1993). While
our rates do not represent the estuary’s actual activity,
they can be conceived as a minimum in situ rate, allow
for spatiotemporal comparison of the denitrifying
potential, and be used to assess drivers of this process.
For sediment denitrification to alter water column
NO3–N, NO3–N must first diffuse into sediments.
Bellinger et al. (2014) suggested that NO3–N diffusion
into the sediments sustained the SLRE denitrifying
community because sediment nitrification did not
generate sufficient NO3–N to balance denitrification
rates. Diffusion (and subsequent denitrification) is a
non-fractionating process and would allow nitrification to modify water column d15N–NO3 without
increasing overall NO3–N concentrations. While we
did not observe a temporal trend in denitrification
(Fig. 6), rates in aquatic ecosystems generally
increase with temperature (Piña-Ochoa and ÁlvarezCobelas 2006) if limiting reactants (i.e., NO3–N and
organic C) are available. We suggest that the importance of denitrification increases during baseflow,
overriding NO3–N producing processes and shifts the
estuary to an overall NO3–N sink.
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Differences between DeN and DEA and amendment experiments revealed strong limits on this
process. Denitrification rates responded strongly to
added NO3–N but not C (Fig. 9), as has been reported
for a variety of aquatic ecosystems (e.g., Forshay and
Stanley 2005; Wall et al. 2005; Roach and Grimm
2011). The relationship between DeN and ambient
NO3–N was weak though (Fig. 8a), signaling that
water column nutrient availability poorly predicts
actual denitrification rates. In theory, sediments with
high rates would ultimately consume overlying NO3–
N, thus weakening any relationship with water column
concentration. Additionally, a portion of the SLRE’s
in situ denitrification is coupled to sediment nitrification, which our methods do not capture and may
explain the lack of correlation to overlaying NO3–N
concentrations. An alternative control may explain the
overall spatiotemporal pattern. The estuary gradually
widens in proximity to Lake Superior, resulting in
reduced water velocities and increased accumulation
of fine material along the estuary’s main flow path.
Our core stations were chosen near the thalweg and do
not reflect the variability of sediment composition
across the entire estuary (Fig. 7a). Differences in
sediment organic matter at our core sampling stations
likely caused the apparent spatial gradient in DEA
observed in Fig. 6. Although carbon amendments did
not increase denitrification rates, sediments with high
organic matter content (i.e., LOI) had greater potential
to remove NO3–N (Fig. 8) and were most responsive
to added NO3–N (Fig. 9). These results suggest that
while NO3–N may be the proximate controller of
denitrification, sediment organic content acts as a
larger-scale constraint on DIN-removal capacity
across the estuary. Thus, redistribution or removal of
sediments in this ecosystem by floods, restoration
activities, or dredging to maintain shipping channels
has the potential to alter the capacity and location of
DIN removal in the SLRE and other freshwater
estuaries.
Alternative NO3–N removal pathways may also
shape DIN dynamics. We expect autotrophic uptake to
be a minor pathway of NO3–N removal; water column
gross primary production rates in the SLRE were
0.1–0.9 mg O2 L-1 day-1 (Small, unpublished data)near the lowest reported for aquatic ecosystems
(Hoellein et al. 2013) perhaps due to strong light
limitation in the estuary’s highly colored waters
(Small, unpublished data; Philips et al. 2000).
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Additional NO3–N reduction pathways, such as dissimilatory nitrate reduction to ammonium (DNRA)
and anaerobic ammonium oxidation (anammox), may
also play a role in reducing NO3–N loads (see reviews
by Burgin and Hamilton 2007; Giblin et al. 2013). In
some marine estuaries, DNRA and denitrification
account for similar magnitudes of NO3–N losses
(Koop-Jakobsen and Giblin 2010; Bonaglia et al.
2014). The SLRE has comparatively low concentrations of NO3–N, thus denitrifying microbes should not
be oversaturated with NO3–N and should outcompete
DNRA microbes (see Burgin and Hamilton 2007).
Additionally, if DNRA capacity was high in the
SLRE, the newly generated NH4–N was not transported downstream and thus did not affect overall DIN
loading to Lake Superior. In the spirit of attributing
NO3–N loss to other pathways, we performed a single
set of anammox rate experiments. These limited
results from only two stations on a single survey
suggest 0–10 % of NO3–N loss could be attributed to
anammox (Loken, unpublished data). Although additional NO3–N reduction pathways exist, we focus on
denitrification because of its ability to remove NO3–N
from the system, rather than transforming it to other
forms of available N.

Conclusions
The answer to our initial question—Are freshwater
estuaries control points for DIN retention, similar to
marine estuaries?—appears to be: ‘sometimes’ for the
SLRE. Denitrification is the likely mechanism for
reducing DIN from river water traveling to the lake as
well as DIN inputs from the lake. During high flow
periods with short WRT, the DIN dynamics within the
SLRE were qualitatively similar to a river, dominated
by unidirectional flow and a limited opportunity to
reduce water column DIN and according to our model
produced NO3–N. Declining discharge shifted the
system from a river-dominated state to one more
similar to a marine estuary, characterized by prolonged WRT and mixing of waters derived from upand down gradient (i.e., river and lake) sources. A
clear point of distinction between the two phases is the
alignment of favorable conditions for denitrification:
warm temperatures, prolonged WRT, and critically,
delivery of NO3–N-rich water from Lake Superior.
This steady input of NO3–N due to seiche-driven flow
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reversals coupled with amenable conditions created a
‘denitrification pump’ in the lower estuary, shifting the
whole system from a net source to a sink of DIN. This
stands in contrast to many streams and rivers in which
the largest NO3–N concentrations pass through the
channel during high flow and cold months (e.g., Ohte
et al. 2004; Pellerin et al. 2012) during non-optimal
denitrification conditions. Subsequently, when rivers
warm NO3–N concentrations decline, resulting in
reduced actual denitrification (e.g., Pattinson et al.
1998) even though potentials are elevated due to the
increased temperatures (Piña-Ochoa and ÁlvarezCobelas 2006). Similar disconnects occur in backwaters of the Mississippi River, where hydrologic NO3–
N delivery is minimal during low-flow summer
periods and results in low actual denitrification when
potentials are highest (Richardson et al. 2004).
Therefore during the SLRE’s optimal removal period,
seiche-mediated delivery of NO3–N enhances the
‘denitrification pump’, ultimately overcoming estuary-produced NO3–N resulting in a switch to an
overall DIN sink.
Among different freshwater estuaries, this DINremoval capacity, and the control point behavior in
general, is expected to be a function of the ratio of
river flow to seiche volume coupled with the
geomorphology of the estuary (Morrice et al. 2004).
Given the smaller amplitude of seiches relative to
ocean tides, upstream mixing by seiches should be
more frequently cancelled out by river flows, making
the river–lake mixing state a more ephemeral condition in freshwater estuaries. Nonetheless, these mixing zones are abundant throughout the Laurentian
Great Lakes (Sierszen et al. 2012), and probably
occur along edges of other seiche-prone lakes. The
limited attention they have received to date is
emblematic of a general under-appreciation of the
ecosystems and the services they provide (Larson
et al. 2012; Sierszen et al. 2012). DIN retention is
likely to occur in freshwater estuaries (Morrice et al.
2004; McCarthy et al. 2007; Knuth and Kelly 2011),
along with other ecosystem processes that have been
reported for marine estuaries (e.g., see Bouchard
2007). Removal of DIN from aquatic ecosystems will
become increasingly important with N saturation of
terrestrial ecosystems and impacts of climate change
(Baron et al. 2012). This study showcases the need to
properly address the role of freshwater estuaries as
crucial constriction points linking uplands with large
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lakes and mitigating human impacts to downstream
aquatic ecosystems.
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